A partitioning-based experimental platform was developed and applied to determine primary biodegradation kinetics of 53 hydrocarbons at ng/L to μg/L concentrations covering C8−C20, 11 structural classes, and several orders of magnitude in hydrophobicity and volatility: (1) Passive dosing from a loaded silicone donor was used to set the concentration of each hydrocarbon in mixture stock solutions; (2) these solutions were combined with environmental water samples in gastight auto sampler vials for 1−100 days incubation, and (3) automated solid phase microextraction (SPME) coupled to GC-MS was applied directly on these test systems for measuring primary biodegradation relative to abiotic controls. First order biodegradation kinetics were obtained for 40 hydrocarbons in activated sludge filtrate, 18 in seawater, and 21 in lake water. Water phase half-lives in seawater and lake water were poorly related to hydrophobicity and volatility but were, with a few exceptions, within a factor of 10 or shorter than BioHCwin predictions. The most persistent hydrocarbons, 1,1,4,4,6-pentamethyldecalin, perhydropyrene, 1,2,3,6,7,8-hexahydropyrene, and 2,2,4,4,6,8,8-heptamethylnonane, showed limited or inconsistent degradation in all three environmental media. This biodegradation approach can cover a large chemical space at low substrate concentrations, which makes it highly suited for optimizing predictive models for environmental biodegradation.
■ INTRODUCTION
Biodegradation is the most important removal process for many organic chemicals in the environment. The potential for biodegradation of a chemical structure (biodegradability), or lack thereof, is therefore a key element in the regulatory framework for chemical risk assessment in, e.g., Europe and the United States. 1, 2 The first tier of regulatory biodegradability testing consists of a qualitative screening test for ready biodegradability. 3 If chemicals fail this test, higher tier simulation tests can be used to obtain biodegradation halflives under more realistic environmental conditions including low test concentrations and using environmentally native microorganisms for the test. These simulation tests are expensive, and data are much scarcer than from the screening tests. 4 Although qualitative ready biodegradability test data are appropriate for screening of chemicals, environmental biodegradation kinetics are necessary for environmental fate modeling and risk assessment. Different schemes have been proposed to assign biodegradation half-lives to chemicals based on screening test results, 4 and models have been developed to predict biodegradability based on chemical structure. 5 However, the experimental generation of high quality kinetic data remains crucial because experimental data remain the gold standard in research and regulation, are the basis for building and refining predictive models, and are the ultimate reference for testing such models. 5−7 There is a need for larger data sets because comparability in both the test conditions and inoculum is important for the training set data to build a model with structural generality. 5 Risk assessment of petroleum products is complicated as these are complex mixtures of varying composition containing thousands of components, each with their own physicochemical and degradation properties. 8 Chemical constituents can be classified according to the chemical space either by physical− chemical properties such as air−water partitioning and octanol−water partitioning or by structural grouping and carbon number classes. 8−10 The constituents of such products are released to the environment as a mixture and will therefore be subject to degradation as a mixture. A biodegradation model, BioHCwin, has been developed to predict environmental halflives for hydrocarbons. 6 Although field and grab sample tests in water, sediment, and soil were preferred for building the BioHCwin model, screening test data were included for some chemical groups due to lack of data. 6 A number of studies have since looked at biodegradation of petroleum product constituents or mixtures at concentrations close to the aqueous solubility of the mixtures or above solubility (dispersions). 11−16 Prosser et al. 16 compared model predictions to the results from these studies and found the model to perform acceptably as a screening tool. Although high substrate concentrations are very relevant for oil spill situations in the proximity of the spill, 18 assessing and predicting biodegradation and persistence in the aquatic environment require data that are obtained at much lower concentrations. 19 Another study has calculated in situ degradation rates for hydrocarbons based on data from the Deepwater Horizon oil spill; however, they did not compare the findings to model predictions. 17 Recently, a new partitioning-based experimental platform was introduced for determining biodegradation kinetics of composed mixtures of hydrophobic organic chemicals at environmentally relevant low concentrations. 20 Important features of this experimental platform are as follows: (1) Passive dosing from a preloaded silicone was used to set concentrations of each constituent in an aqueous mixture without the addition of a cosolvent. 21−23 (2) These solutions were combined with environmental water samples containing native microorganisms for incubation in gastight auto sampler vials for 1−100 days. (3) Finally, automated head space solid phase microextraction (HS-SPME) coupled to GC-MS was applied directly on the test systems for determining primary biodegradation kinetics relative to abiotic controls. This approach has recently been applied to a mixture of nine hydrocarbons with low melting points and high air-to-water partition ratios 20 and was used to study the effect of inoculum origin on biodegradation kinetics of the nine hydrocarbons. 24 The first aim of the present study was to further develop the applicability domain of this experimental platform to facilitate biodegradation kinetic testing of larger mixtures of hydrocarbons covering a much wider chemical space. For this purpose, the passive dosing technique had to be extended to include different loading principles that in combination are applicable to chemicals with a wider melting point, hydrophobicity, volatility, and chemical class range. Solid phase microextraction (SPME) had to be operated not only in headspace but also direct submersion mode to extend the applicability domain toward the less volatile chemicals and particularly the polyaromatic hydrocarbons (PAHs). The second aim was to apply this new approach for generating a large set of biodegradation kinetic data at environmentally relevant concentrations, covering a substantial part of the chemical space of petroleum hydrocarbons. Fifty-three hydrocarbons were chosen based on (1) ensuring a good coverage of 11 structural classes and carbon numbers from 8 to 20, (2) covering a wide range in hydrophobicity and air−water partitioning, (3) our present capabilities with passive dosing, SPME, and GC-MS, and (4) availability as neat chemicals at a reasonable price. The test chemicals cover a chemical space that is highly relevant for petroleum hydrocarbons, but they were not selected to represent a typical petroleum product composition.
■ EXPERIMENTAL SECTION
Materials. 1-Octanol, 1,2,4-trimethylbenzene, 1,2-dimethylnaphthalene, 1,3,5-triethylbenzene, 2,2,4,4,6,8,8-heptamethylnonane, 9,10-dihydroanthracene, benzo(a)pyrene, benzo(b)fluoranthene, benzo(k)fluoranthene, bicyclohexyl, biphenyl, trans-decalin, n-decane, decylbenzene, isopentylbenzene, naph-thalene, phenanthrene, pyrene, tetralin, and p-xylene were purchased from Sigma-Aldrich (Copenhagen, Denmark).  1,2,3,10b-Tetrahydrofluoranthene, 1,2,3,4,5,6,7,8-octahydrophenanthrene, 1,2,3,6,7,8-hexahydropyrene, 1,2-dihydronaphthalene, cis-1,2-dimethylcyclohexane, 1,3,5-trimethylcyclohexane, 2,3-dimethylheptane, 2,6 -diisopropylnaphthalene, 2-methyl-1H-cyclopenta(l)phenanthrene, 2-methylnonane, 4methyldodecane, benzo(a)anthracene, chrysene, m-cymene, decylcyclohexane, n-dodecane, dodecylbenzene, fluoranthene, n-octylcyclohexane, and p-terphenyl were purchased from TCI Chemicals (Zwijndrecht, Belgium). 1,1,4,4,6-Pentamethyldecalin (91.2%), 1,4,6,7-tetramethylnaphthalene, 2,2,5,7-tetramethyltetralin, 2,6,10-trimethyldodecane (96.9%), 2-ethylanthracene, 3-ethylnonane, 5α(H)-androstane, butyldecalin, dehydroabietine (96.7%), fichtelite, methylenephenanthrene, perhydrofluorene, and perhydropyrene were purchased from Chiron (Oslo, Norway,). 5,6-Dimethyl-1-(4-methylpentyl)naphthalene was purchased from Chemsampco via Sigma-Aldrich (Copenhagen, Denmark). Purity of chemicals was at least 97% unless otherwise stated. Translucent silicone rods (custom-made by Altecweb.com, product code 136-8380), ethyl acetate (Sigma-Aldrich, ≥99.7%), ethanol (VWR chemicals, 99.8%), and methanol (Sigma-Aldrich, >99.9%) were used for passive dosing.
Hydrocarbon Mixtures. The 53 hydrocarbons were divided into two groups that were tested in two separate biodegradation experiments. The chemicals had molecular weights between 106 and 252 g/mol and covered 5 orders of magnitude with regard to water solubility and octanol−water partition ratio (K ow ) and 9 orders of magnitude regarding air− water partitioning (K aw ) ( Figure 1 ). Mixture 1 consisted of 35 hydrocarbons, mostly liquids. The experimental setup was designed for initial concentrations of these chemicals roughly 1000-times below their water solubility (see Supporting Information S1 for initial concentrations). Mixture 2 consisted of 19 solid chemicals (naphthalene was included in both mixtures to compare the two batches of water used for the liquid and solid test). Initial test concentrations were ∼10-times below the solubility for half of these chemicals (lowest solubility) and ∼400-times below solubility for the remaining chemicals (see S1). Test concentrations ranged from 0.004 to 170 μg/L. Passive Dosing. Passive dosing can produce well-defined low concentrations of hydrophobic organic chemicals in water without addition of cosolvent. 21, 22, 26 It was in the present study used to set initial concentrations and mixture composition but not to buffer concentrations during the biodegradation experiment as done in previous studies. 27 −29 Silicone rods were used as a passive dosing donor. 23 The rods (3 mm diameter) were washed in the dishwasher without soap and dried using lens cleaning tissue. Then, 20.0 g (length ∼2.6 m) were cut and added to 100 mL of amber Wheaton glass serum bottles with crimp seals and a PTFE-coated silicone septa. The rods were further cleaned by soaking in ethyl acetate for >20 h and in ethanol for >20 h. Ethanol was poured out, and the bottles were heated to 120°C for 2 h to evaporate the remaining ethanol from the silicone.
Three different loading methods were required to cover the large chemical space of the present study:
Loading of Liquid Substances by Full Absorption. Three passive dosing systems containing 20.0 g of silicone in 100 mL bottles were prepared. An equal mass of 35 hydrocarbons was mixed, dissolving the two solid hydrocarbons (naphthalene and biphenyl) in the liquid hydrocarbons. Then, 400 μL of this mixture was added to each rod. The bottles were rolled for 5 days at ∼40 rpm, after which the majority of the liquid mixture was visually confirmed to be absorbed into the silicone; 65 mL of ultrapure water was added, and the bottles were rolled for 20 h after which the water was discarded. This procedure enabled the full absorption of the hydrocarbons in the silicone.
Loading of Solid Hydrocarbons by Partitioning from Saturated Methanol Solutions. One passive dosing system of 20.0 g of silicone in a 100 mL bottle was prepared. Excess amounts of the least soluble hydrocarbons (pyrene, 1,2,3,6,7,8hexahydropyrene, p-terphenyl, 2-ethylanthracene, 2-methyl-1Hcyclopenta(l)phenanthrene, benzo(a)anthracene, chrysene, benzo(b)fluoranthene, benzo(k)fluoranthene, and benzo(a)pyrene) were added to 25 mL of methanol, shaken, and left overnight for equilibration and settling of crystals. In four steps, 15 mL of the saturated methanol was transferred to the silicone; the bottle was rolled for >20 h, and the methanol was poured back to the crystals, shaken, and left for settling >4 h before being added back to the silicone.
Loading of Solid Chemicals by Partitioning from Nonsaturated Methanol Solution. One passive dosing system of 4.0 g of silicone rod placed in a 20 mL headspace vial was prepared. The loading solution was prepared by adding excess amounts of the solid hydrocarbons (naphthalene, 1,2dimethylnaphthalene, 1,4,6,7-tetramethylnaphthalene, 9,10-dihydroanthracene, 1,2,3,10b-tetrahydrofluoranthene, phenanthrene, methylenephenanthrene, 2,6-diisopropylnaphthalene, and fluoranthene) to 10 mL of methanol, shaking and leaving overnight for equilibration and settling of crystals. Five milliliters of this solution was then diluted to 25 mL in methanol. In three steps, ∼8 mL of this methanol solution was added to the silicone, rolled for >20 h, and discarded.
The two passive dosing systems for solids were cleaned by washing 10 times with pure water (1 min vigorous shaking) to remove methanol and any possible crystals from the loaded silicone rods. The last fill was rolled overnight and discarded.
Aqueous stock solution was then prepared by adding 65 mL of ultrapure water to the 100 mL passive dosing systems and 13 mL of ultrapure water to the 20 mL passive dosing systems and rolling at ∼40 rpm for >30 min. Stock solution was transferred to test systems using gastight syringes.
Environmental Inocula. The inocula for the biodegradation experiments originated from three types of surface water: wastewater treatment plant-activated sludge filtrate, seawater, and lake water.
A sample of activated sludge was taken at the Lynetten wastewater treatment plant (WWTP) in Copenhagen (Denmark) on the 19th of April 2016 (for liquid hydrocarbon test) and fourth of October 2016 (for solid hydrocarbon test). Lynetten is the largest WWTP in Denmark. The samples were filtered through Whatman 114 V filters (retention 20 μm) to prepare the activated sludge filtrate.
A surface seawater sample was taken in the North Sea west of Esbjerg, Denmark, on the 18th of May 2016 (ETRS89 UTM32N: 451415; 6143811) (for liquid hydrocarbon test) and 27th of September 2016 (ETRS89 UTM32N: 449694; 6142556) (for solid hydrocarbon test) in the open sea, 5−8 km off the coast, 1−2 km from the main sailing route.
A surface sample of lake water was taken from Maglesø Lake (Zealand, Denmark) on the fifth of April 2016 (for liquid hydrocarbon test) and fifth of October 2016 (for solid hydrocarbon test) 6−7 m from the shore. This is a clean lake with a very small catchment, without major point sources, receiving no direct runoff discharge from roads, and situated in rural surroundings (forest/fields). This lake had the slowest biodegradation for nine hydrocarbons in an initial study including two lake and three stream samples, 24 and it was therefore selected as the most conservative choice of inoculum in the present study.
All water samples were used within 24 h of sampling. Background characterization of the samples is included in the Supporting Information (S2). The samples showed quite similar characteristics at the same site between the two sampling dates, although temperatures were higher in the fall than in the spring. The activated sludge filtrate sample taken in the fall showed a higher degree of treatment (lower nutrients and dissolved organic carbon) than the sample taken in the spring. Culturable bacterial densities, measured by the heterotrophic plate count, HPC, were similar in the lake and seawater (∼1−2 × 10 3 CFU/mL) and 2 orders of magnitude lower than in the activated sludge filtrates (2.5 × 10 5 and 4.8 × 10 5 CFU/mL).
Biodegradation Tests. Biodegradation and final chemical analysis both took place in autosampler vials, maximizing the number of replicate test systems and minimizing test substance losses between the experiment and the analysis. A large number of biotic and abiotic test systems were prepared by combining 13.5 mL of environmental water containing the inoculum spiked with 30 μg/L of 1-octanol (positive control substance) with 1.5 mL of aqueous stock solution containing the test chemicals in 20 mL amber glass vials with screw caps and PTFE-coated silicone septa. For the solid chemicals, 1.3 mL stock solution was added from the 100 mL passive dosing system and 0.2 mL from the 20 mL passive dosing system. Abiotic controls were prepared using ultrapure water instead of environmental samples. For liquid chemicals in seawater, abiotic controls of seawater salinity were prepared by adding 35 g/L of NaCl to ultrapure water. For the solid chemicals, ultrapure water was used without adding salts. The vials were closed immediately and incubated at 20°C on a benchtop laboratory roller at ∼30 rpm. At time points from 2 h to ∼100 days, three biotic and three abiotic test systems were taken for chemical analysis (destructive sampling). Although no systematic differences were seen between test vials prepared from the three replicate silicone rods loaded with liquids, a balanced test design was chosen where one biotic and abiotic test system were analyzed from each rod at each time point. Test durations were 77 or 85 days for the activated sludge test, 56 or 111 days for the seawater, and 98 or 104 days for the lake water with the liquid and solid mixtures, respectively.
Chemical Analysis. Automated solid phase microextraction (SPME) coupled to gas chromatography mass spectrometry (GC-MS) (Agilent Technologies 7890B/5877A GC/MSD) was applied directly on the test systems. A CTC PAL RSI 85 autosampler (CTC Analytics, Zwingen, Switzerland) was used for SPME sampling and subsequent thermal desorption of the SPME fiber. Headspace-SPME with 100 μm polydimethylsiloxane (PDMS) coating was used for the liquid chemicals, and water phase SPME with 7 μm PDMS coating was used for the solid chemicals. Analytical details are included in the Supporting Information (S3).
Quality Assurance. Blank test systems were coincubated and measured with each sampling point. For 10 of the 2246 data points, elevated blank responses for a chemical resulted in exclusion from the data set. Two vials (1 of 246 biotic and 1 of 246 abiotic test systems) showed signs of being leaky (selective loss of volatile chemicals compared to nonvolatile) and were excluded.
Background concentrations of the test chemicals in the environmental media were evaluated by comparing triplicate measurements of each environmental media with the abiotic controls from the same GC-MS run. In the lake and seawater, background concentrations were <1% of the test concentrations. In the activated sludge filtrate, slightly higher background response levels were observed, and levels above 10% were observed for 2,6,10-trimethyldodecane (15%), 2,2,4,4,6,8,8-heptamethylnonane (18%), and 2,6-diisopropylnaphthalene (135%). 2,6-Diisopropylnaphthalene was therefore excluded from the data for activated sludge filtrate.
In four cases, the GC peak areas of the biotic test systems were more than twice as high as for the abiotic controls. The data series for 2,2,4,4,6,8,8-heptamethylnonane and 1,2,3,4,5,6,7,8-octahydrophenanthrene in activated sludge filtrate as well as 5-α(H)-androstane and Fichtelite in lake water were therefore removed from the data set.
Data Analysis. For each time point, the relative concentration, C relative , was determined as the ratio between the peak areas in the biotic test systems, A biotic , relative to the peak areas in the abiotic test systems, A abiotic . Because data from the abiotic and biotic test systems were not paired, and there is uncertainty associated with both the abiotic and biotic test systems, the uncertainty related to the ratio between these two variables was calculated using Taylor series approximations of the mean, μ C relative , and variance, σ 2 C relative , of a ratio according to eqs 1 and 2. 30 where μ A abiotic and μ A biotic are the means of the area of response in the abiotic and biotic test systems, σ 2 A abiotic and σ 2 A biotic are the variances of the area of response in the abiotic and biotic test systems, and Cov(A biotic ,A abiotic ) is the covariance between the area of response in the biotic and abiotic test systems, respectively.
The mean and uncertainty of C relative for each time point were used as input to GraphPad Prism 5.00 for fitting the first order degradation model with lag phase in eq 3. T lag was constrained to positive values; no weighting of the data was used, and the number and scatter among replicates were accounted for in the fit. Confidence limits for k system were obtained assuming lognormal distribution of k system .
Test system half-lives, T 1/2,system , were obtained by eq 4.
Degradation half-times in the system DT 50 were obtained by summing the lag-phase and half-life.
The biodegradation experiments were performed with a headspace in the test systems to ensure aerobic conditions throughout the incubation (necessary for the activated sludge filtrate). Test system half-lives of the volatile chemicals were thus corrected for headspace partitioning to obtain water phase half-lives (T 1/2,water ) as described by Birch et al. 20 This correction did not account for the hydrocarbon binding to third phases such as dissolved organic matter.
When degradation proceeds, the concentrations in biotic test systems will at some point reach a level below detection. This is important information, but the low concentration measurements should not be given too much weight in the fitting of the degradation curve. In the present study, three times the peak area of the blank response was used as the limit of detection, and for each degradation curve, a maximum of one data point was included below this limit. Furthermore, a maximum of three data points of C relative < 0.01, were included in each time series.
The degradation curves were evaluated based on the coefficient of determination of the fit (R 2 ) and visual inspection and were subsequently divided into six categories:
(1.1) High quality model fit with a goodness of fit of R 2 > 0.8. For this category, the degradation rate constant, lag-phase, half-life, and half-times were determined.
(1.2) Goodness of fit was R 2 < 0.8, but after initial scatter, a clear degradation curve was observed and described by at least 4 data points. For this category, the degradation rate constant, lag-phase, half-life, and half-times were determined.
(1.3) Data showed clear evidence of degradation; however, a high variation among replicates and/or no clearly defined first order degradation curve was seen. For this category, only halftimes were determined. (2) Inconclusive data. More than one data point showed signs of degradation with C relative < 0.5, but subsequent data points did not show degradation. No data were determined for this category.
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(3.1) Limited degradation. All time points had C relative > 0.5. For this category, the test duration was used to assign the minimum half-time (e.g., half-time > test duration).
(3.2) Limited degradation. One time point had C relative < 0.5. For this category, the time of the last data point before the data point below 0.5 was used to assign a minimum half-time.
The threshold of 50% reduction relative to abiotic controls for positive identification of degradation in categories 2, 3.1, and 3.2 was chosen as a common criterion for all chemicals and degradation curves. It was based on typical variability between replicates at each data point seen for chemicals with slow degradation.
■ RESULTS AND DISCUSSION Biodegradation Kinetics. Degradation curves and the associated biodegradation kinetic parameters such as lag phase, first order rate constant, half-times, test system half-lives, and water phase half-lives are listed in the Supporting Information (S4 and S5). 1-Octanol was degraded within 2 days in both batches for all three water types, confirming the biological activity of all samples. Examples of degradation curves fitted to experimental data are shown for five hydrocarbons in Figure 2 . The three iso-paraffins in Figure 2 are examples of a category 1.1 fit in all three water types, 1,2-Dimethylnaphthalene is an example of a category 1.2 fit in the activated sludge filtrate and 1.3 fit in the seawater and lake water. 1,4,6,7-Tetramethylnaphthalene is a category 1.1 fit in the activated sludge filtrate, a category 2 fit in the seawater, and a category 3.1 fit in the lake water. The number of hydrocarbons within each of the degradation curve categories is shown in the Supporting Information (S6). Biodegradation Differences between Water Types. Of 53 hydrocarbons, first order degradation kinetics (category 1.1 + 1.2) were obtained for 40 hydrocarbons in the activated sludge filtrate, 18 hydrocarbons in the seawater, and 21 hydrocarbons in the lake water. Half-lives in activated sludge filtrate were shorter than in lake water for all hydrocarbons and shorter than in seawater for most hydrocarbons. A slightly lower number of hydrocarbons were degraded in the seawater compared to the lake water; however, when degradation was initiated, half-lives were, with few exceptions, similar or slightly shorter in the seawater. Although the heterotrophic plate counts were similar in the sea and lake water samples, the seawater samples were taken in the vicinity of a trafficked shipping port, which likely implied pre-exposure of the natural bacterial consortia to petroleum hydrocarbons. The lake was, on the contrary, located in a rural area without direct runoff discharge from roads.
In a previous study inoculum from the lake was found to give the slowest hydrocarbon biodegradation among two lakes and three streams, and seven out of nine hydrocarbons were degraded even slower in the present study compared to those in the previous study (e.g., DT 50 for trans-decalin was >56 days in this study but only 35 days in the previous study). 24 The aromatic chemicals in the liquid mixture test in lake water showed highly varying results with no clear first order degradation curves, and naphthalene was only degraded in lake water in the experiment including the solid hydrocarbons. Although theoretically the difference in degradation of naphthalene between the two batches of lake water could be caused by the difference in the constituents of the two mixtures, we hypothesize that these differences and inconsistencies in biodegradation kinetics for the lake water in this experiment were caused by an insufficient number of competent aromatic degraders in the 15 mL test systems prepared from the sample taken on the first sampling date. This explanation is in line with a recent study showing that higher inoculum concentrations in screening tests can increase reproducibility of results because it reduces the risk of excluding specific degraders in the test volume. 31 Hydrocarbon Groups. Figure 3 shows the range of DT 50 for the tested chemicals in each hydrocarbon group in activated sludge filtrate, seawater, and lake water. Note that a different number of chemicals were tested within the different groups (see Figure 1) , and for some chemicals (category 2), a DT 50 was not determined as described above.
The linear paraffins in this test were degraded faster than the branched paraffins. For aromatic hydrocarbons, a trend was seen of longer half-lives with increasing number of rings. The sequence of degradation based on median DT 50 for each group is in agreement with earlier observations of hydrocarbon group susceptibility to biodegradation (n-paraffin < i-paraffin < low molecular weight aromatic < naphthenic/high molecular weight aromatic). 32−34 Large differences in half-times were observed within some of these groups, however, and the span of degradation half-times overlapped for all hydrocarbon groups.
Chemical Space. DT 50 and T 1/2,water for the test chemicals in seawater were grouped into ranges and plotted within the chemical space in terms of their air−water (K aw ) and octanol− water (log K ow ) partition ratio (Figure 4 ). Ranges were chosen to represent very fast degradation (<1 day), fast degradation (1−10 days), medium degradation (10−40 days), and slow/no degradation (>40 days).
Among the structures that were susceptible to degradation and showed first order biodegradation, there was a slight tendency of lower T 1/2,water and DT 50 with higher K aw but no relationship between T 1/2,water or DT 50 and K ow . K aw , however, ranged twice as many orders of magnitude as K ow . The fast degradation rates for some of the volatile chemicals were not caused by losses from the test system; abiotic losses were corrected for using the abiotic controls, and for many chemicals, clear lag phases were seen, which is a strong indicator for biodegradation. Two factors determine the difference between the DT 50 and the T 1/2,water , the inclusion of lag phase in the DT 50 and the headspace correction for the T 1/2,water . The lag phase affects DT 50 for all chemicals and was less than 11 days for most chemicals where T 1/2,water was determined with one exception of 26 days. The headspace correction affected the volatile chemicals in the upper part of Figure 4 and was the main reason for a number of chemicals going from a fast degradation in terms of DT 50 (between 1 and 10 days) to a very fast degradation in terms of T 1/2,water (<1 day). This difference is not very important in a screening perspective, where these chemicals would be categorized as biodegradable no matter what endpoint was considered. However, it may have implications in modeling of biodegradation where rate constants are used.
The most persistent hydrocarbons in the seawater (DT 50 > 40 d) covered 3 orders of magnitude in log K ow and 5 orders of magnitude in K aw without a clear grouping in any region of the two-dimensional space shown in Figure 4 (orange triangles). Although the two physicochemical properties were useful to describe the chemical space of the tested hydrocarbons, they seem poorly related to the biodegradation end points of the study. This observation is specific to biodegradation testing in water because increases in sorption with increasing hydrophobicity can induce strong relationships between hydrophobicity and biodegradation half-lives in soils and sediments. 35 Whereas sorption may reduce the bioavailable fraction and thus reduce biodegradation rates when sediments are included in tests, sediments have also been observed to increase biodegradation rates because of the increase in sedimentassociated bacteria. 36, 37 The most persistent hydrocarbons were also distributed widely between hydrocarbon classes and carbon number groups, again without a clear trend and grouping. Although the carbon block approach again is very useful to describe the chemical space of hydrocarbons, there are clearly additional structural features beyond the groups that determine the biodegradability. For example, a structural factor that resulted in fast primary degradation in all waters was the inclusion of a long (>C4) linear alkyl chain. Higher methyl substitution resulted in slower degradation for naphthalene, 1,2dimethylnaphthalene, and 1,4,6,7-tetramethylnaphtalene, and aromatic ring structures such as naphthalene and pyrene were degraded faster than their naphthenic analogues in the activated sludge filtrate and in some cases in the sea and lake water.
Comparing the Experimental Data to the BioHCwin Model. A comparison between BioHCwin predicted half-lives and T 1/2,water or DT 50 from this study is shown in Figure 5 . Both end-points (first order half-lives and degradation half-times) are relevant in an environmental context. Half-lives are relevant for biodegradation of diffuse ongoing emissions and is the endpoint used from simulation tests (such as OECD 309) to compare to persistency criteria. Degradation half-times are more relevant to spill scenarios and are used in screening studies.
Because biodegradation is not an inherent property of the chemical, and environmental factors such as sorption and microbial activity are important for biodegradation rates, halflives can easily vary by a factor of 10 between studies with different environmental conditions. 6 Even within batches of water from the same site, variations occur, as seen for naphthalene in the two mixtures. The BioHCwin model was developed to predict degradation in "different environmental media (e.g., water, soil, and sediment)", 6 and more than half of the input data was from sediment and soil studies. It is unclear whether the included studies were detailed enough to determine the lag-phase and report true first order degradation rates. Our T 1/2,water data set targets degradation in the water phase only and is thus not necessarily directly comparable to the BioHCwin model.
Activated sludge filtrate has a higher bacterial density and contains better adapted bacteria than surface water and seawater, and the use of this type of data was limited in the BioHCwin model development. BioHCwin predictions for environmental half-lives were therefore similar or longer than all experimental water phase half-lives (T 1/2,water ) in activated sludge filtrate and higher or within a factor 10 of the DT 50 's.
Generally, the predicted half-lives were within a factor 10 or higher than T 1/2,water and DT 50 in sea and lake water ( Figure 5 ). The higher half-lives could be explained by the inclusion of sediment and soil studies in the training set for the BioHCwin model or if the bacteria in the current seawater sample were more preadapted to petroleum hydrocarbons than the inoculum in studies used to develop the BioHCwin model. A study by Prosser et al. 16 also reported higher half-life predictions by BioHCwin compared to biodegradation data summarized from the literature in seawater and stormwater pond water in which there were no sediment or soil present. Three additional explanations for the generally faster degradation in the present study compared to BioHCwin predictions are as follows: (1) Biodegradation testing in gastight vials allowed the determination of water-phase first order half-lives. 20 (2) Biodegradation testing at lower and more environmentally relevant substrate concentrations can lead to higher biodegradation rate constants. 27 (3) The use of passive dosing for setting initial concentrations circumvents the testing of dispersed microdroplets of pure hydrocarbons. This ensured that biodegradation did not become rate limited by the dissolution of the nondissolved phase. A comparison between the seawater half-lives in the present study and calculated well adapted in situ half-lives from the Deepwater Horizon oil spill 17 showed similar half-lives for 1,2,4-trimethylbenzene (1.8 days in the present study and 0.8 days in situ), whereas phenanthrene had a longer half-life in this study (16 days) compared to the in situ-calculated half-life (1.6 days).
A detailed look at the results showed that BioHCwin highly overpredicted the half-lives of a few chemicals: Dehydroabietine and 1,2,3,10b-tetrahydrofluoranthene, for example, had predicted half-lives of 2819 and 4908 days and observed half-times of 12 and 63 days in lake water, respectively. These predicted half-lives are not reliable as they are outside of the input data range for the model calibration and probably result from a lack of data for naphthenic di-and triaromatic hydrocarbons. 6, 16 Underprediction of half-lives is more problematic than overprediction because it can lead to environmental risks being overlooked. The two cycloalkanes cis-1,2-dimethylcyclohexane and 1,3,5-trimethylcyclohexane had BioHCwin predicted half-lives of 5.1 and 3.5 days but were not degraded in the sea or lake water. In activated sludge filtrate, they were degraded with T 1/2,water (1.4 and 4.5 days) close to the BioHCwin predictions. Lack of or slow degradation was similarly seen for 1,3,5-trimethylcyclohexane in a number of surface water samples in earlier similar experiments, 24 but faster degradation was observed in other studies in seawater and rainwater retention pond water using higher initial chemical concentrations. 16 Two other mononaphthenic structures included here had long linear alkyl chains, and primary degradation was presumably driven by this chain rather than their naphthenic structure. It is however noteworthy that the diand trinaphthenic structures decalin, bicyclohexyl, and perhydrofluorene, which did not include any alkyl chains, were degraded in the seawater.
The most persistent of the hydrocarbons included in this study were 1,1,4,4,6-pentamethyldecalin, perhydropyrene, and 1,2,3,6,7,8-hexahydropyrene, which had limited degradation in all three types of water. Furthermore, 2,2,4,4,6,8,8-heptamethylnonane showed inconsistent degradation in the activated sludge filtrate and seawater and did not degrade in the lake water. In line with observations from Comber et al., 15 these hydrocarbons were either highly branched with quarternary carbons or highly cyclic structures and had β-substituted terminal carbons (see S7), preventing β-oxidation as a primary transformation step. 38 BioHCwin identified these structures as slow to degrade with half-life predictions of 129−451 days, which is longer than the test duration in this study.
The application of passive dosing for setting initial hydrocarbon concentrations in combination with the very close alignment of test system and SPME-GC-MS analysis provided new possibilities for biodegradation testing. The chosen test volume of 15 mL was a compromise between the 100−1000 mL test systems often used in regulatory biodegradation studies 3, 39 and high-throughput miniaturized systems. 40, 41 This reduced test volume was very practical and appeared sufficient for the biodegradation testing with the activated sludge filtrate and seawater. However, for the specific lake water with limited biodegradation activity, we observed larger deviations between replicate test systems and a higher frequency of inconsistent data, which might indicate an insufficient test volume for such samples and asks for further studies. The parallel biodegradation testing of up to 34 test chemicals was shown to be a very time-and cost-efficient approach for the generation of a large and consistent data set of biodegradation kinetic data while minimizing the effect of confounding factors. However, further research is needed for determining possible cosubstrate effects on the biodegradation kinetics at low concentrations. The use of pure water for abiotic controls instead of poisoned controls was considered appropriate for these aquatic tests with surface water or activated sludge filtrate but might require adjustments when increasing the amount of suspended particles. In case of concern, poisoned controls can be used instead. Overall, the new approach has several advantages, but of course also limitations. The advantages of this approach are mainly (1) the potential to generate large data sets for chemicals covering a large and relevant chemical space, (2) the possibility of conducting degradation studies at very low environmentally relevant concentrations while avoiding dispersions of pure phase, and (3) the minimization of experimental steps that facilitates biodegradation testing with native microorganisms and rather volatile test substances. The main limitations of the approach are that it is based on substrate depletion, which limits it to the study and quantification of primary biodegradation, and that it presently is limited to biodegradation testing in aqueous media.
■ ASSOCIATED CONTENT

* S Supporting Information
The Supporting Information is available free of charge on the ACS Publications website at DOI: 10.1021/acs.est.7b05624.
Initial concentrations, characterization of environmental samples, details of GC-MS analysis, lag phases, first order rate constants, half-times, test system half-lives, water phase half-lives, degradation curves, and structure of chemicals with limited degradation in all waters (PDF)
